Land managers seeking to reestablish historical fire regimes need guidance on how to apply prescribed fire to promote the population persistence of endangered species. We explored extinction risks of Hypericum cumulicola , a fire-dependent plant endemic to the Lake Wales Ridge, Florida (U.S.A). Stochastic and deterministic matrix population models based on six censuses (1994)(1995)(1996)(1997)(1998)(1999) (1994)(1995)(1996)(1997)(1998)(1999) 
Introduction
The demographic response of plant species to biological and physical changes that occur across fire cycles is determined by a variety of vital attributes (Noble & Slatyer 1980; Menges & Kohfeldt 1995) . Suites of vital attributes are associated with species in particular environmental conditions and may provide assurance to cope with only certain fire regimes (Keeley 1981) . For example, in many species, aboveground individuals are killed by fire and their populations recover from seeds. These "obligate seeders" are more common where open spaces persist several years after fire (Menges & Kohfeldt 1995) . Obligate seeders are particularly sensitive to the length of the interval between fires because of the timing of critical life-history events such as seedling recruitment, reproductive maturation, and senescence ( Johnson 1982; Bradstock et al. 1995; Enright et al. 1998 Enright et al. a , 1998 .
Human-imposed fire regimes, including total fire suppression and extremely infrequent but intense fires, often deviate from presumed historical ( pre-European settlement ) ranges of fire intensity, extent, and frequency ( Parsons 1976; Pianka 1992 ) . In addition, remnant natural areas within human-modified landscapes may not include conditions favorable for the spread of naturally ignited fires. Thus, current fire regimes may fail to provide the conditions required for some species to persist, and disruption of fire regimes is commonly cited as a major threat for many species ( Flather et al. 1998; Wilcove et al. 1998) .
Matrix models of population dynamics take advantage of available autecological information and can offer guidance for better management ( van Groenendael et al. 1988; Burgman et al. 1993; Enright et al. 1998 a,b ) . These models provide a powerful tool with which to compare population viability under different fire regimes ( Bradstock & O'Connell 1988; Silva et al. 1991; Burgman & Lamont 1992; Canales et al. 1994; Bradstock et al. 1995; Gross et al. 1998; Hoffmann 1999 ) . Stochastic demographic modeling, in particular, allows more realistic population projections and better estimates of extinction risks than deterministic approaches because it incorporates the effects of random temporal environmental fluctuations (e.g., Menges 1992; Bastrenta et al. 1995; Oostermeijer et al. 1996; Picó et al. 2002; Menges & Quintana-Ascencio 2003) .
The Lake Wales Ridge in south-central Florida (U.S.A.) supports more than a dozen rare and endemic plant species (Harper 1948; Christman & Judd 1990; Estill & Cruzan 2001 ) . Several of these species are essentially restricted to open, sandy areas in xeric Florida rosemary scrub Menges & Hawkes 1998 ). Fire plays a major role in shaping community composition and dynamics of Florida rosemary scrub Myers 1990; Menges 1999) . Agricultural, commercial, and residential development have changed drainage patterns, modified fire regimes, and fragmented Florida scrub ( Peroni & Abrahamson 1985; Menges 1999) . A better understanding of the effects of fire variation on plant species viability will provide critical information for the management of fire-dependent species in Florida scrub and in the many other fire-dependent ecosystems worldwide.
We evaluated the extinction risk of Hypericum cumulicola, a Florida scrub endemic species, under different fire regimes. We used deterministic and stochastic Lefkovich matrix models of demographic variation with time since fire in Florida rosemary scrub to (1) analyze the demographic patterns of this species along time-sincefire gradients and ( 2 ) predict its extinction probability under various fire-return intervals. We included environmental variation associated with site, year, and precipitation in these models.
Methods

Study Species, Site, and Community
Hypericum cumulicola (Small) P. Adams, the Highlands scrub hypericum, is endemic to Polk and Highlands Counties in central Florida (Christman & Judd 1990; Estill & Cruzan 2001) . This species is listed as endangered by the U.S. Fish and Wildlife Service ( 1999 ) and the state of Florida (Coile 2000) . Locally, it may occur in relatively large populations of hundreds or thousands of individuals ). This small, short-lived plant is essentially limited to open areas between vegetation patches in xeric Florida rosemary scrub. Most flowering and fruiting takes place between June and September. Flowering branches are many flowered and indeterminate. H. cumulicola is self-compatible but requires the services of pollinators to set seed (Evans et al., in press) . Fire kills aboveground individuals (Menges & Kohfeldt 1995; Quintana-Ascencio & Morales-Hernán-dez 1997 ) , but seeds in the soil survive fire and form long-lived seed banks ( Quintana-Ascencio et al. 1998 ) . Fire suppression and alteration of fire regimes consti-tute threats to this species because of its dependence on fire to release local populations from competitive exclusion (Quintana-Ascencio & Morales Hernández 1997; Quintana-Ascencio & Menges 2000) . H. cumulicola populations have a high degree of genetic differentiation (Dolan et al. 1999 ) and a patchy distribution consistent with metapopulation dynamics ( Quintana-Ascencio & Menges 1996) .
The study was carried out at Archbold Biological Station, Highlands County, Florida (U.S.A.). Sandy, infertile soils support a diverse array of vegetation associations, including scrub, flatwoods, and seasonal ponds Myers 1990 ) . Detailed community descriptions are given by Abrahamson et al. (1984) , Menges and Kohfeldt (1995) , and Menges (1999) . Archbold comprises a complex mosaic of habitats with different fire histories, including areas not burned since the late 1920s . Historical records document the occurrence of multiple natural, accidental, and prescribed fires since 1967 ( Main & Menges 1997 ) . Natural fire-return intervals vary considerably among habitats because of different community structures, chances of ignition, rates of fuel accumulation, and fire propagation .
Florida rosemary scrub is an open shrub-dominated community, occasionally with a sand pine ( Pinus clausa ) canopy, occurring on sandy, well-drained soils in ridges and knolls in central and coastal Florida (Abrahamson et al. 1984) . In central Florida, stands of uneven-aged Florida rosemary ( Ceratiola ericoides ) often dominate the shrub layer ( Johnson & Abrahamson 1990; Gibson & Menges 1994) . Other species in this stratum include xeromorphic oaks ( Quercus spp.) and palmettos ( Serenoa repens and Sabal etonia ). The prostrate shrub Licania michauxii , ground lichens ( Cladonia and Cladina spp.), spike moss ( Selaginella arenicola ), and several herbaceous species proliferate in the open, sandy areas that characterize this type of scrub. Estimates based on Florida rosemary life span and reproductive maturity suggest that fire-return intervals in this community range between 20 and 100 years (Menges 1999 ).
Demographic and Environmental Data
We used deterministic and stochastic matrix population models based on six annual censuses (1994) (1995) (1996) (1997) (1998) (1999) and data from several germination and seedling survival experiments to compare the demography and extinction probabilities of H. cumulicola under different fire regimes. We selected 14 H. cumulicola populations in rosemary scrub patches representing a gradient of time since fire, patch size, and the north-south range of distribution of rosemary scrub patches within Archbold (Table 1; see also Quintana-Ascencio 1997 ). Long-term records were used to determine the fire history of each rosemary scrub site (Main & Menges 1997) . We obtained monthly precipitation records from Archbold Biological Station ( 1952-present; Main & Menges 1997 ) to depict seasonal and annual weather variation.
We estimated the survival and growth of H. cumulicola individuals from annual August-September censuses of marked individuals (4029 individuals) conducted for 6 years (1994) (1995) (1996) (1997) (1998) (1999) . All individuals on site were included in populations with Ͻ 100 plants. We included at least 70 individuals each year in populations with Ͼ 100 plants, sampled in a stratified random fashion along 1-m-wide belt transects parallel to the longest axes of open sand gaps. We sampled the closest individual, if one was present, for every meter along the center line of each transect. We placed a staked flag with a numbered aluminum tag near each individual. Additional individuals were added throughout the study. We measured maximum plant height each year, the total length of reproductive stalks for every individual in 1995 and 1996, and distance to the nearest conspecific in 1994, 1995, and 1997. We estimated seed production each year. We counted the number of flowers, fruits, and reproductive buds for each studied individual during their reproductive peak in August-September of each year, except 1997 and 1999. We used linear regressions relating plant height and number of reproductive structures (logarithm-transformed data) to estimate the number of fruits in these 2 years (all r 2 Ͼ 0.75, n ϭ 20 per site). In 1995, 1996, and 1998, we collected the most distal mature fruit of randomly selected individuals in each population. Because H. cumulicola has many flowers and is indeterminate, choosing the most distal mature fruit allowed us to evaluate a recently matured fruit, avoiding potential bias for other fruit characteristics. Seeds from these fruits were examined and counted under a microscope. Damaged fruits were eliminated from the sample. We estimated germination rates from seeds experimentally sown in June and December 1995 in recently burned and longunburned patches ( 80 seeds per microsite, 10 microsites per site, 2 sites per treatment; Quintana-Ascencio & Menges 2000). We considered H. cumulicola seed germination in areas sown with two alternative species as a control (Quintana-Ascencio & Menges 2000) .
We studied long-term seed-bank dynamics using H. cumulicola seeds in nylon mesh bags buried ( 5-10 cm depth) for 1 and 2 years in patches with different times since fire ( 20 seeds per bag, 2 ϫ 2 cm, Applied Extrusion Technologies, hole size 0.8 mm; five bags per year per site, two to three sites per treatment; QuintanaAscencio et al. 1998). We examined and counted the unearthed seeds under a microscope. Damaged seeds were discarded and undamaged seeds were tested for germination in outdoor conditions for 4 months ( QuintanaAscencio et al. 1998) .
We estimated aboveground H. cumulicola density and recruitment from 1 ϫ 0.5 m permanent quadrats moni-tored approximately every 6 months from September 1994 through August 1999. At least 20 quadrats were randomly located in open areas between shrubs in each study site. Additional quadrats were located in some patches to sample no less than 2% of the suitable area in these patches (Table 1) .
Model Formulation
For each population and year combination, we built a matrix model ( Caswell 2001 ) with the form n ( t ؉ 1 ) ϭ An ( t ) , where n ( t ) and n ( t ؉ 1 ) are vectors whose elements, a i , are the number of individuals that belong to the i th category at times t and t ϩ 1, respectively. The element a ij of the population-projection matrix, A, represents the transitions or contributions from individuals in the i th category to the j th category after one time step. To construct projection matrices, we defined six life-history stages by combining morphologically defined stages (e.g., vegetative vs. reproductive plants) with divisions based on size: ( 1 ) seeds in the seed bank; ( 2 ) a single stage of first-year plants (seedlings) at census time; (3) a single vegetative stage and three reproductive classes; (4) small flowering individuals, 12-33 cm tall; (5) medium flowering individuals, 34-50 cm, and (6) large flowering individuals, Ͼ 50 cm.
Seedling identification was straightforward in permanent quadrats, in recently burned sites, and for recently germinated plants. Seedling identification was not certain during censuses in sites more than 3 years after fire. We defined putative seedlings as small ( Ͻ 12 cm height, the threshold above which plants present fruits), newly appearing plants with fewer than three stems. This procedure was consistent with data from recently germinated seedlings followed from May 1995 through November 1997. We combined data for seedlings and putative seedlings to describe a single stage of first-year plants (seedlings) at census time.
Height was the best predictor of H. cumulicola growth, fecundity, and survival, compared with other morphological characteristics such as number of stems and total length of reproductive stalks (Quintana-Ascencio & Morales-Hernández 1997). Thus, we used an algorithm based on height variation to delimit adult stage classes (Moloney 1986 ). This algorithm minimizes sample and distribution errors associated with any classification attempt. Distribution errors occur if categories are so broad that their members do not have the same transition probabilities. Sampling errors result from insufficient sample sizes, which imply inaccurate estimations of transition probabilities ( Moloney 1986 ). The algorithm can also account for differences in transition probabilities among sites, time-since-fire groups, and census periods.
To implement Moloney's (1986) algorithm, we set the smallest size as the initial minimum boundary value of the smallest category and used the maximum size minus one third of the range as the initial maximum boundary. We chose the upper boundary of the first category to yield the minimum sum of sampling and distribution errors, with 100 subsamples and 1-cm increments. The procedure was repeated for sequentially larger categories. Stages were defined from samples of at least 50 plants. Stage boundaries were defined by fire groups rather than by populations because the minima were sharper. We identified three reproductive classes: small flowering individuals ( Յ 33 cm height), medium flowering individuals ( Ͼ 33-50 cm ), and large flowering individuals ( Ͼ 50 cm). Because of small sample sizes, a single vegetative category was employed. We found no evidence of plant dormancy because only 0.3% of plants, originally recorded as dead, were later found alive; these were attributed to sampling error. Transitions other than fertility ( stages 1 and 2 ) were calculated as the probability that a plant classified in stage i changed to stage j in the subsequent census ( a ij ). Most annual growth and survival transition probabilities were estimated directly from population-specific demographic data. We used mean values across groups defined by time since fire to estimate transitions when the sample size for a given stage in one population was smaller than six (following Bullock et al. 1994 ) . This procedure avoids the use of estimates from low sample sizes. Overall, 76.5% of these matrix entries had specific data for population and year, and 23.5% had data averaged across a time-since-fire group within a year. Population-and year-specific matrices are available at http://www.archbold-station.org/abs/ data/plantdata/hypcumApp1.htm (accessed 2002).
Most germination of H. cumulicola occurs during winter and early spring, and fertility terms in the model represent newly recruited individuals surviving until August or individual contributions to the seed bank. We estimated seedling recruitment from permanent quadrats and partitioned seedling numbers among reproductive stages in proportion to stage-specific abundance and seed production. We estimated stage-specific contributions to the dormant by multiplying the number of ungerminated seeds by their probability of remaining in the seed bank ( Quintana-Ascencio et al. 1998 ). We always assumed recruitment from seed bank, even when there was no evidence of recruitment in permanent quadrats in a given year. Seedling production from the seed bank was estimated on the basis of experimental observed seed survival and germination, seedling survival in the field until August, and annual variation in recruitment.
Analysis of Vital Rates Patterns
We used MATLAB (MathWorks 1997) to obtain population-and year-specific finite rates of increase (eigenvalue 5 , ). We do not include analyses of deterministic asymptotic parameters of matrices from the first and second years after fire because only seeds and seedlings were present. We used SPSS 10.0 ( SPSS 2000 ) to estimate transition probabilities and evaluate regression models for the association between r ( ln( ) ) and time since fire and to perform loglinear and analysis of variance ( ANOVA ) tests on demographic parameters. We used a loglinear analysis to test the significance of time since fire (T ), stage (S), and distance (D) to the nearest conspecific neighbor for plant mortality ( M ) in the following year (Fienberg 1987; Caswell 2001) . Individuals were divided in two classes of distance to the nearest conspecific: Ͻ 20 cm and Ն 20 cm ( threshold corresponds to the median value ). We declared as "the null model" the model DST, M, which reflects the distribution of the data among stages, time since fire, and distance but assumes that fate is independent of these variables. The change in log-likelihood following the addition or deletion of a term provides its statistical significance (Fienberg 1987; Caswell 2001) . We examined the significance of adding terms representing the interaction of mortality with stage, time since fire, distance, and their combinations.
Fire Simulations
We determined times to extinction and extinction probabilities of H. cumulicola in Florida rosemary scrub patches under various fire-return intervals from simulations of population trajectories. We used an algorithm that projects random sequences of different matrices while also incorporating changes in their probability of occurrence. By varying matrices rather than individual matrix elements, we preserved life-history correlation structure and obtained a more conservative risk assessment (Greenlee & Kaye 1997; Menges 2000; Fieberg & Ellner 2001) . We changed the probability of occurrence of these matrices in relation to time since fire and winter precipitation. Our method expands modeling strategies introduced by Bierzychudek (1982) , Silva et al. (1991) , and Canales et al. (1994) and later used in other studies (e.g., Beissinger 1995; Damman & Cain 1998; Hoffmann 1999) .
Every simulation assumed an initial postfire population that consisted of a vector including only seeds from a seed bank. Matrix choices during the simulation were governed by the following sequence of eight phases (number of matrices in parenthesis): (0) fire year ( n ϭ 1); (1) first year after fire ( n ϭ 1); (2) second year after fire ( n ϭ 4); (3) 3-6 years after fire ( n ϭ 12), (4) 6-8 years after fire, (5) 8-14 years after fire (n ϭ 12, 12, 6), ( 6 ) 14-20 years after fire, and ( 7 ) Ͼ20 years after fire (n ϭ 10, 8, 4). For phases 1, 2, and 3 we used a random sequence of matrices chosen among those belonging to the reference phase. For phases 5 and 7 we used a random sequence of matrices chosen among those belonging to the reference phase with their probability of occurrence determined by the relative frequency of the winter precipitation of the year sampled ( 0.37 for precipitation Ͻ12.7 cm; 0.59 for 12.7-38.1 cm; and 0.04 for Ͼ38.1 cm, based on Archbold weather data, 1952-1999 ). For phases 4 and 6, for which we had no specific matrices, we interpolated by choosing a random sequence of matrices, with the probability of occurrence of the matrices in the next lowest phase linearly decreasing and those of the next highest phase increasing. We modeled fires, which eliminate all aboveground individuals, using a matrix with only the probability of seeds remaining in the seed bank ( phase 0 ). In the absence of empirical estimates of fire effects on seeds in the soil, we used an average of seed survival from all populations ( QuintanaAscencio et al. 1998) and evaluated the sensitivity of our extinction estimates to the variation in this parameter.
We used DISTPROJW, a modified version of POPROJ (Menges 1990) , written in Pascal (Borland), to run the simulations described above. A version of this algorithm executable in IBM-compatible microcomputers is available from the authors. The model does not consider density dependence, but it constrains projected plant densities after 1 trillion individuals per stage. These numbers occurred only under extremely favorable scenarios and long runs ( Ͼ600 years ). We obtained 1000 replicated simulations to estimate time to extinction. We performed two thousand simulations to estimate extinction probability for each fire regime studied. Preliminary runs indicated that the range of variation of the output of 2000 simulations is Ͻ5%.
We estimated (1) time to extinction of unburned populations having different seed numbers after an initial fire, (2) probability of extinction after 99, 199, 399, and 599 years under regular fire-return intervals ranging from zero to three fires every 100 years ( no fires and fires every 200, 150, 100, 75, 50, 40, and 30 years), and ( 3 ) extinction probabilities after 401 years under alternating short and long fire-return intervals repeating every 200, 100, and 50 years. These fire regimes cover the range of proposed fire-return intervals for rosemary scrub, which will usually not burn before 20 years after fire (Menges 1999) .
To examine the effect of population size, we varied the initial number of seeds by five orders of magnitude from 10 to 100,000. For all other simulations not examining the effect of initial size, we used 1000 seeds as the initial vector. This number of seeds in the seed bank is associated with plant numbers in stable stage distributions of H. cumulicola within the range estimated for long-unburned populations in 1999 (94-244 plants). We determined the effect of variation in seed viability in the soil by modifying the transition for seed survival in the soil to 50% of the value determined experimentally (Quintana- Ascencio et al. 1998 ). This change assumes that mortality in the soil could be higher than that estimated in our study.
Populations were considered locally extinct upon the "death" of the last individual ( threshold ϭ 1 ). Because seeds make Ͼ90-99% of stable stage distributions, however, we also examined 10 and 100 individuals as alternative quasi-extinction thresholds. These are more conservative thresholds that provide an estimate of the probability of aboveground plant disappearance.
Results
Fire and H. cumulicola Demographic Attributes
Demographic vital rates varied among life stages, among years, and across the time-since-fire gradient. Growth (natural logarithm of height change rate ) was greatest for seedlings (1-year-old plants) and decreased with size for the other stages (Fig. 1 [ANOVA] : stage, p Ͻ 0.0001 for all years; time-since-fire [tsf], p Ͼ 0.18 in 1994, 1995, and 1997, and p Ͻ 0.0001 in 1996 and 1998; stage*tsf, p Ͼ 0.18 in 1994 and 1997, and p Ͻ 0.0001 in 1995, 1996, and 1998) . In most conditions, individuals in the largest adult stage showed slightly negative or no change in height (Fig. 1) . Number of reproductive structures ( buds, flowers, and fruits ) increased with plant size and was highest in recently burned sites ( Fig. 1 [ANOVA]: stage, tsf, and tsf*stage, p Ͻ 0.0001 for all years ). The most extreme differences in fecundity among stages occurred in recently burned sites (Ͻ3 years after fire), where a few large flowering plants had Ͼ6000 reproductive structures. Size category and time since fire affected H. cumulicola mortality (Fig. 1) , but distance to nearest conspecific did not affect this variable ( Table 2 ) . Although mortality was variable among years and stages, it was generally lower in recently burned populations ( particularly Ͻ5 years after fire; Table 2 ; Fig. 1 ) than a decade or more after fire.
Population-year specific s ranged from 0.66-5.53 in recently burned sites ( 3-6 years after fire; median ϭ 1.34, n ϭ 12 matrices), to 0.78-2.30 in sites a decade after fire (8-14 years; median ϭ 0.96, n ϭ 30), and 0.59-2.10 in long-unburned sites (Ͼ20 years; median ϭ 0.95, n ϭ 20 ). A significant inverse relationship was found between time since fire and ln() (Fig. 2) . Inverse function was the best among linear models, including logarithmic and exponential models. This relationship predicts high finite rates of increase during the first years (Ͻ5) after fire, followed by a rapid decline, with the fitted line crossing the stable finite rate of increase (ln() ϭ 0) about 17 years after fire.
Observed and Predicted Population Density
In observed populations, plant density increased during the first years after fire, reached a peak between the third and fourth year after fire, and subsequently declined (Fig. 3a) . Most populations declined at a decade or more after fire (Fig. 3a) . Seedlings and small and medium reproductive stages were the most abundant. Relative abundance among stages changed with time since fire, with seedlings making the more variable contributions to total density during the first years after fire. Observed long-unburned populations were denser than observed populations a decade after fire (Fig. 3a) .
Population trajectories of our model appear to mimic observed density variation and general population trends. Relative to observed dynamics, however, the simulations depicted a larger range of possible outcomes, a slightly delayed median peak population, and slower declines ( Fig. 3b ) . Median predicted densities reached a peak at the fifth year after fire, followed by a steep decrease until the seventh year. Between 10 and 30 years after fire, the model projected relatively stable populations ( Fig. 3b ) . Afterward, the model predicted slow decreases in density.
Extinction Risk and Fire
Our simulations predicted that, in the absence of immigration and without subsequent fires, even populations of thousands of seeds following an initial fire are likely to become locally extinct within 300-400 years. Smaller starting populations may become extinct sooner, often after Ͻ200 years. During simulations, aboveground individuals became rare or absent many years in advance of the "death" of the last seed. Extinction probability declined as intervals between fires decreased ( Fig. 4 ) . Fire intervals longer than 50 years resulted in appreciable extinction risk after 200 years. Extinction probability changed rapidly between fire regimes of 75 and 100 years (Fig. 4) . The model was sensitive to estimates of survival in the seed bank. When the survival of seeds in the seed bank was reduced by 50%, extinction probabilities did not change significantly or they increased up to 50%, depending on prediction interval and fire regime (Fig. 4) . Cycles of divergent, alternating short and long fire intervals resulted in slightly higher chances of extinction than did regular fire intervals ( Fig. 5 ) . This difference was important only when alternating intervals were widely divergent (five-fold or greater). 
Discussion Population Dynamics and Disturbance of Hypericum cumulicola
Environmental changes that occur during disturbance and community recovery affect the availability of essential resources (e.g., water, nutrients, light) and alter species interactions, such as pollination, herbivory, and competition (Bazzaz 1996) . Resource pulses associated with disturbances can be essential for population persistence, particularly for species with low tolerance for competition. Most human disturbances in ecological communities deviate from historical ecological disturbance regimes. The modeling of disturbance effects on plant population viability is crucial to understanding the effects of changes in disturbance regimes and to species management and conservation.
After fire in Florida rosemary scrub, Hypericum cumulicola had higher fecundity, survival, establishment, and population growth rates than in unburned populations. Several mechanisms may explain these responses. Fire top-kills dominant shrubs, removes lichens (Hawkes & Menges 1996 ) , destroys allelopathic agents affecting seed germination and survival (Hunter & Menges, 2002) , and creates unoccupied gaps with higher levels of soil water ( Mallik et al. 1984; Gagnon et al., unpublished data ) . Shrub and lichen dominance increase with time since fire, presumably reducing water and nutrient availability ( Abrahamson 1984; Menges & Kohfeldt 1995; Schmalzer & Hinkle 1996) . These changes gradually decrease the survival, fecundity, and establishment of H. sequent mortality in the seed bank, local extinction becomes likely.
Seed and seedling dynamics are critical influences on H. cumulicola population dynamics. Although the number of reproductive structures increases exponentially from tens in small individuals to thousands for the largest individuals ( see also Quintana-Ascencio & MoralesHernández 1997), H. cumulicola seed germination and seedling survival are extremely low, except in recently burned sites ( Quintana-Ascencio & Menges 2000 ) . H. cumulicola has a persistent seed bank (Quintana-Ascencio et al. 1998 ) , and survival in the seed bank is an important life-history trait determining finite rates of increase and extinction probability. Simulated 50% reductions of H. cumulicola seed survival significantly increased projected extinction risks, confirming the importance of seed banks to its persistence.
Seed dynamics and disturbance can be crucial for species persistence in competitive environments. Species coexistence can be promoted by a "storage effect" when at least one life history stage is able to survive over periods of poor recruitment, and fluctuating recruitment rates allow competitively inferior species occasionally to increase in population size ( Warner & Chesson 1985 ) . Fire provides a mechanism for the storage effect. If recruitment is much higher after fire than between fires, seed storage (as serotiny) may be selected for (Enright et al. 1998a (Enright et al. , 1998b . Among herbaceous species in Florida scrub, the seedling recruitment and survival of H. cumulicola and E. cuneifolium are highest shortly after fire, and they depend mostly on dormant seeds for recruitment ( Menges & Kimmich 1996; Quintana-Ascencio & Menges 2000 ) . In contrast, the performance of Polygonella basiramia, another Florida scrub endemic, is less affected by time since fire and it lacks a substantial persistent seed bank, relying instead mainly on recently produced seeds ( Hawkes & Menges 1995; QuintanaAscencio & Menges 2000) . Among six shrub species of the fire-prone fynbos shrublands of the Cape Region of South Africa, Passerina vulgaris had the largest seed bank and the highest postfire seedling recruitment (Pierce & Cowling 1991) .
Seasonal changes in temperature and precipitation also affect plant demographic parameters, and these factors can interact with fire to determine population changes (e.g., Burgman & Lamont 1992; Enright et al. 1998a Enright et al. , 1998b ) . In south-central Florida, winter precipitation is more limited and variable than summer precipitation (Archbold Biological Station, unpublished weather data) and seems to be vital to the survival and recruitment of Florida scrub species (Quintana-Ascencio 1997; E.S.M. and P.F.Q.-A., unpublished data). Levels of precipitation during the winter of 1997, an el Niño year, were seven times above normal, resulting in exceptional levels of germination and recruitment and high population growth rates for H. cumulicola. Our model considers the effects of winter precipitation in sites more than a decade after fire by adjusting the probability of matrix selection by the frequency distribution of Archbold rainfall data.
Studies integrating information from many sites with different times since disturbance or different disturbance regimes are necessary to provide estimates of long-term population dynamics and the persistence of disturbance-sensitive species at a landscape level (Menges & Quintana-Ascencio 2003 ) . However, these types of studies present particular challenges. For example, our results indicated that observed long-unburned populations were denser than observed populations a decade after fire. These long-unburned populations may represent different environmental conditions that allowed some H. cumulicola to remain relatively large, independent of fire. These idiosyncracies among populations may be a common feature of studies using short-term chronosequences across the disturbance gradient to approximate long-term demographic changes. Because of this limitation, our simulations may underestimate population decline and extinction. Longer data sequences and consideration of more factors will be necessary for better estimates.
Conservation and Management of Fire-Sensitive Species
Changes in disturbance regimes associated with human intervention may hinder the population persistence of disturbance-sensitive species. Our population model portrays fundamental aspects of H. cumulicola demography and indicates ways to improve its management. Our model suggests that the long-term persistence of H. cumulicola in Florida rosemary scrub will require fire. Although some populations of this species can number several thousand plants, most are smaller than 1000 individuals ( median 539 in 34 populations; and may be at risk without fire. Fire intervals shorter than 50 years may imperil the local persistence of most H. cumulicola populations, and longer intervals without fire may eliminate even the largest populations.
High risks of population extinction without frequent fires, limited seed dispersal ability ), high population differentiation (Dolan et al. 1999) , greater occurrence in large and aggregated patches ( QuintanaAscencio & Menges 1996) , and similar demographic responses of transplanted individuals in occupied and unoccupied Florida rosemary scrub patches (Quintana Ascencio et al. 1998 ) all indicate the possibility of regional metapopulation dynamics in H. cumulicola. Because local extinction is associated with fire frequency, and because variation of fecundity and recruitment along gradients of time since disturbance affects the number of seeds available for dispersal and colonization opportunities (e.g., Valverde & Silvertown 1997) , population viability analysis of H. cumulicola at a regional level may require greater understanding of the interactive effects of local and regional dynamics.
Optimal fire regimes can be conflicting among cooccurring species. Fire regimes intermediate between the optima of the shrubs Hudsonia montana and Leiophyllum buxifolium are necessary to allow their coexistence in North Carolina (Gross et al. 1998 ). An analysis of population-level responses to fire regimes for four woody species in the cerrado savannas of Brazil suggests that changes in fire frequency cause shifts in their relative abundance (Hoffmann 1999) . Among Florida scrub species, fire outside of 15-40 year intervals may threaten the local persistence of Florida rosemary ( Ceratiola ericoides ), which requires longer fire cycles to maximize seed storage (Johnson 1982) . Similarly, ground lichens in the genera Cladonia and Cladina reach their highest abundance in long-unburned scrub patches and may be extirpated by frequent fires ( R. Yahr, personal communication ). On the other hand, rapid declines in Eryngium cuneifolium numbers and demographic parameters Ͻ15 years after fire suggest that it requires even shorter fire-return intervals than H. cumulicola (Menges & Kimmich 1996 ; E.S.M. and P.F.Q.-A., unpublished data). Our simulations revealed that alternating short and long fire-return intervals only slightly changed the probability of local extinction of H. cumulicola, compared with the larger effect of regular fire intervals. Such staggered fire regimes may allow species to coexist, whereas invariant fire-return intervals may be detrimental to some species. the manuscript. This work was supported by Fulbright and Consejo Nacional de Ciencia y Tecnología (Mexican Government) through a fellowship (46610) 
